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Abstract—A coupled oil fate and effects model has been developed for the estimation of impacts to habitats, wildlife, and aquatic
organisms resulting from acute exposure to spilled oil. The physical fates model estimates the distribution of oil (as mass and
concentrations) on the water surface, on shorelines, in the water column, and in the sediments, accounting for spreading, evaporation,
transport, dispersion, emulsification, entrainment, dissolution, volatilization, partitioning, sedimentation, and degradation. The bi-
ological effects model estimates exposure of biota of various behavior types to floating oil and subsurface contamination, resulting
percent mortality, and sublethal effects on production (somatic growth). Impacts are summarized as areas or volumes affected,
percent of populations lost, and production foregone because of a spill’s effects. This paper summarizes existing information and
data used to develop the model, model algorithms and assumptions, validation studies, and research needs. Simulation of the Exxon
Valdez oil spill is presented as a case study and validation of the model.
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INTRODUCTION

A large number of oil spill models have been developed
over the past 30 years, and several comprehensive reviews of
oil spill trajectory and fate modeling have been performed [1–
5] to assess the state of the practice, summarize key devel-
opments, and project future research. The vast majority of oil
spill models (the focus of these reviews) are used to predict
or hindcast the trajectory [6–10], weathering [11–14], and fate
[12,15–28] of oil spilled on or near the surface of water, with
the purposes of informing spill response (real time or in drills),
performing contingency planning, and evaluating the behavior
and mass balance. Relatively few models have been designed
and used to quantitatively evaluate the impacts of oil on aquatic
organisms and habitats (as described below). This paper de-
scribes such a model, which represents the state-of-the-art of
coupled oil fate and effects model systems. The Spill Impact
Model Application Package (SIMAP) was derived from the
physical fates and biological effects submodels in the Natural
Resource Damage Assessment Model for Coastal and Marine
Environments, which were developed for the U.S. Department
of the Interior as the basis of Comprehensive Environmental
Response, Compensation, and Liability Act of 1980, and the
Natural Resource Damage Assessment (NRDA) regulations for
Type A assessments [29,30]. The technical development in-
volved several in-depth peer reviews, as described in the Final
Rule [29]. The Spill Impact Model Application Package has
been developed further for use in impact and ecological risk,
as well as natural resource damage assessment. The physical
fates model draws on research and model development in com-
mon with the larger universe of trajectory and oil fate models.
The biological effects model includes innovative algorithms
to quantify the impact of oil on biological resources: Habitats,
aquatic organisms (fish, invertebrates, aquatic plants, plank-
ton), and wildlife (birds, mammals, reptiles).

The reader is referred to the above reviews for discussion
of oil trajectory and fate model development. Earlier modeling
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efforts for impact assessment relied on calculating the inter-
section of oil trajectories with biota, assuming an impact
threshold [31–38]. In some cases, wildlife (seabird or marine
mammal) population and migration models were used to sim-
ulate the distribution, behavior, and recovery of the affected
species, in conjunction with their intersection with oil trajec-
tories [39–45]. In these modeling efforts, the impact threshold
for wildlife appropriately was based on an oil thickness or
mass for lethal or sublethal effects, although quantitative in-
formation definitively indicating what dose would be lethal
was not available.

However, for aquatic organisms, impact thresholds based
on surface oil are inadequate, particularly when evaluating the
change in impact caused by use of chemical dispersants on
spills. Mackay and Leinonen [16] and Mackay et al. [17,18]
suggested that meaningful assessments of impacts on aquatic
biota can be accomplished only after quantitative understand-
ing of the natural and chemical dispersion processes (entrain-
ment), as the major toxic effect of oil is from dissolved hy-
drocarbons, and the main dissolution mechanism is via dis-
persed oil droplets rather than surface slicks. Based on theo-
retical calculations and modeling results, Mackay and
Leinonen [16] showed that: Dissolution from surface slicks is
insignificant and can be neglected safely and dissolution time
from subsurface droplets less than 100 mm in diameter has a
half-life of less than 13 min. The dissolution rate is very sen-
sitive to the droplet size (because it involves mass transfer
across the surface area of the droplet), and the amount of
hydrocarbon mass dissolved is a function of the mass entrained
and droplet size distribution. In turn, these are a function of
soluble hydrocarbon content of the oil, the amount of evap-
oration of these components before entrainment, oil viscosity
(which increases as the oil weathers and emulsifies), oil surface
tension (which may be reduced by surfactant dispersants), and
the energy in the system (the higher the energy the smaller
the droplets). Large droplets (greater than a few hundred mi-
crons in diameter) resurface rapidly, and so dissolution from
those also is inconsequential.
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Table 1. Definition of four distillation cuts and the eight pseudo-components in the model (monoaromatic hydrocarbons, MAHs; benzene 1
toluene 1 ethylbenzene 1 xylene, BTEX; polynuclear aromatic hydrocarbons, PAHs)

Characteristic
Volatile and

highly soluble
Semivolatile
and soluble

Low volatility
and slightly soluble

Residual
(nonvolatile and insoluble)

Distillation cut 1 2 3 4
Boiling point (8C) ,180 180–265 265–380 .380
Molecular weight 50–125 125–168 152–215 .215
Log(KOW) 2.1–3.7 3.7–4.4 3.9–5.6 .5.6
Aliphatic pseudo-components:

No. of carbons
Volatile aliphatics:

C4–C10
Semivolatile aliphatics:

C10–C15
Low-volatility aliphatics:

C15–C20
Nonvolatile aliphatics:

.C20
Aromatic pseudo-component

name: Included compounds
MAHs: BTEX,

MAHs to C3-ben-
zenes

2-ring PAHs: C4-ben-
zenes, 2-ring to C2-
naphthalenes

3-ring PAHs: C3-, C4-
naphthalenes, 3- to 4-
ring PAHs with
log(KOW) , 5.6

$4-ring aromatics: PAHs
with log(KOW) . 5.6
(insoluble)

Thus, both subsurface oil droplets and dissolved hydro-
carbons explicitly must be simulated (in addition to surface-
floating oil and associated processes) in an oil fates model to
evaluate exposure of aquatic biota to oil hydrocarbons and
biological effects. A prime example is the North Cape oil spill
of January 1996, which occurred during a severe winter storm
[46]. The barge North Cape spilled 828,000 gallons (2,682
metric tons) of home heating oil (No. 2 fuel oil) into the surf
zone on the south coast of Rhode Island, USA. Most of the
oil was entrained into the water column by heavy surf, resulting
in high concentrations of dissolved components in shallow
water that killed millions of water column and benthic organ-
isms [46]. Though models based on surface oiling may be
useful in predicting the trajectory of slicks and impacts on
wildlife and shorelines, they cannot evaluate the extent of
impacts to aquatic biota caused by subsurface oil.

Moreover, because the many hydrocarbons in oil have vary-
ing physical–chemical properties (most significantly those re-
lated to solubility and volatility), the oil fates model must
separately track chemical classes or pseudocomponents of the
whole oil with characteristics typical of the chemical group to
simulate their separate fates [21,28,30,47–49]. Most oil fates
models (including SIMAP) employ a Lagrangian particle ap-
proach, which enables the modeler to track physical and chem-
ical property changes as oil weathers, which is particularly
needed when oil is released over time under varying conditions
[4]. This solution methodology also is used in SIMAP to track
organisms’ movements and exposure to the bioavailable com-
ponents, those that are soluble or semisoluble.

Potential and documented impacts of oil in aquatic envi-
ronments have been reviewed by the National Research Coun-
cil [50,51] as well as others [30,52–54]. A biological effects
model that considers all impacts would include evaluation of
exposure considering movements and amounts of both oil and
biota; acute effects algorithms for direct impacts (lethal and
sublethal) in the short-term; consideration of sublethal effects
of chronic contamination; indirect effects via reduction in food
supply or habitat, or other changes in the ecosystem; behav-
ioral changes resulting in reduced growth, survival, or repro-
ductive success; impacts of response activities; and population
level impacts caused by mortality and sublethal effects. Sup-
porting research and information is available to quantify some
but not all of these effects, as described below.

Finally, the oil fate model, as well as the biological effects
model for planktonic organisms, should be driven by an ac-
curate description of the winds and currents at all significant
spatial and temporal scales in order to judge the performance
of the oil fates and effects models. Wind data generally are

available for most locations and times of interest. Typically,
the most reliable and representative current data are those gen-
erated by a calibrated hydrodynamic model, unless site- and
event-specific current measurements are available.

This paper summarizes existing information and the current
state-of-the-art in oil fates and effects modeling, model al-
gorithms and assumptions used in SIMAP, validation studies,
and research needs. Simulation of the Exxon Valdez oil spill
is presented as a case study and validation of the wildlife
impact model. Validation and sensitivity studies indicate the
main sources of uncertainty, data requirements for an accurate
simulation, and research needs to improve our understanding
and quantification of oil spill effects.

PHYSICAL FATES MODEL

The three-dimensional physical fates model estimates dis-
tribution (as mass and concentrations) of whole oil and oil
pseudocomponents (i.e., fractions of the oil treated as a single
chemical with properties representative of the included chem-
icals) on the water surface, on shorelines, in the water column,
and in sediments. Oil fate processes included are spreading
(gravitational and by shearing), evaporation from slicks, trans-
port, randomized dispersion, emulsification, entrainment (nat-
ural and facilitated by dispersant), dissolution, volatilization
of dissolved hydrocarbons from the surface water, adherence
of oil droplets to suspended sediments, adsorption of soluble
and semisoluble aromatics to suspended sediments, sedimen-
tation, and degradation. Oil mass is tracked separately for low-
er molecular weight aromatics (1–3-ring aromatics), which
cause toxicity [50–62], other volatiles, and nonvolatiles. The
lower molecular weight aromatics dissolve from the whole oil
and are partitioned in the water column and sediments ac-
cording to equilibrium partitioning theory.

In the model, the oil is treated as eight pseudocomponents,
characterized by volatility (boiling point), hydrophobicity (oc-
tanol–water partition coefficient, Kow), and being aromatic or
not (i.e., aliphatic): Volatile aliphatics, semivolatile aliphatics,
aliphatics of low volatility, nonvolatile aliphatics (i.e., in the
residual oil), volatile aromatics (monoaromatic hydrocarbons,
[MAHs]), semivolatile aromatics (2-ring polynuclear aromatic
hydrocarbons, [PAHs]), aromatics of low volatility (3-ring
PAHs), and nonvolatile aromatics (in the residual; Table 1).
Six of the components (all but the two nonvolatile residual
components) evaporate at rates specific to the pseudocompo-
nent. Solubility is correlated strongly with volatility, and the
solubility of aromatics is higher than aliphatics of the same
volatility, with the MAHs the most soluble, the 2-ring PAHs
semisoluble, and the 3-ring PAHs slightly soluble [63–66].
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Table 2. Physical–chemical properties for monoaromatic hydrocarbons. Molecular weight (MW), boiling point (BP), solubility, vapor pressure,
and log(KOW) are from Mackay et al. [63]

Compound(s) Rings Cs
MW

(g/mol)
Distillation

cut no.
BP
(8C)

Solubility
(ppm)

Vapor
pressure

(atm) Log(KOW)

Benzene
Toluene
Ethylbenzene
o-Xylene
p-Xylene

1
1
1
1
1

6
7
8
8
8

78
92

106
106
106

1
1
1
1
1

80
111
136
144
138

1780
515
152
220
215

0.12534
0.03750
0.01253
0.01155
0.01155

2.1
2.7
3.1
3.2
3.2

m-Xylene
Xylenes (mixture)
Styrene
Methylstyrenes
1,2,3-Trimethylbenzene

1
1
1
1
1

8
8
8
9
9

106
106
104
118
120

1
1
1
1
1

139
140
145
170
176

160
198
300
100

70

0.01086
0.01132
0.00868
0.00264
0.00197

3.2
3.2
3.1
3.4
3.6

1,2,4-Trimethylbenzene (pseudocumene)
1,3,4-Trimethylbenzene
1,3,5-Trimethylbenzene (mesitylene)
Trimethylbenzenes
n-Propylbenzene

1
1
1
1
1

9
9
9
9
9

120
120
120
120
120

1
1
1
1
1

169
169
165
170
159

57
57
50
59
52

0.00266
0.00266
0.00321
0.00262
0.00444

3.6
3.6
3.6
3.6
3.7

Isopropylbenzene
Ethyl-methylbenzenes (cumene)
Isopropyl-4-methylbenzene
Butylbenzenes
Tetramethylbenzenes

1
1
1
1
1

9
9

10
10
10

120
120
134
134
134

1
1
2
2
2

154
163
177
174
200

50
85
34

17.7
3.48

0.00602
0.00367
0.00201
0.00225
0.00057

3.6
3.6
4.1
4.1
4.0

Fig. 1. Simulated oil fate processes in open water. Monoaromatic
hydrocarbon (MAH); polycyclic aromatic hydrocarbon (PAH).

Both the solubility and toxicity of the nonaromatic hydrocar-
bons are much less than for the aromatics and dissolution (and
water concentrations) of nonaromatics is safely ignored. Thus,
dissolved concentrations are calculated only for each of the
three soluble aromatic pseudocomponents. Tables 2 and 3 list
physical–chemical characteristics of individual aromatics used
to derive a mean molecular weight, boiling point, solubility,
and vapor pressure for each of the three volatile and soluble
or semisoluble aromatic pseudocomponents (Table 4). The va-
por pressure used to characterize each of the volatile aliphatic
pseudocomponents is equivalent to that for the aromatic pseu-
docomponent of the same boiling point range. This number of
pseudocomponents provides sufficient accuracy for the evap-
oration and dissolution calculations, particularly given the time
frame (minutes) over which dissolution occurs from small
droplets and the rapid resurfacing of large droplets (see dis-
cussion above, this section).

The schematic in Figure 1 shows oil fate processes simu-
lated in the model in open water. The oil (whole and as pseu-

docomponents) rapidly separates into different phases or parts
of the environment, i.e., surface slicks; emulsified oil (mousse)
and tar balls; oil droplets suspended in the water column;
dissolved lower molecular weight components (MAHs and
PAHs) in the water column; oil droplets adhered and hydro-
carbons adsorbed to suspended particulate matter in the water;
hydrocarbons on and in the sediments; dissolved MAHs and
PAHs in the sediment pore water; and hydrocarbons on and
in the shoreline sediments and surfaces.

Transport

Separate Lagrangian elements (spillets) representing sub-
lots of surface-floating oil, subsurface droplets, and dissolved
components are used to simulate the movements of oil com-
ponents in three dimensions over time. Transport is the sum
of advective velocities of currents input to the model, surface
wind drift (either using a constant percent of wind speed and
deflection angle, typically observed as 3–4% and 0–108 to
right of downwind in the Northern Hemisphere [1] or based
on the model by Youssef and Spaulding [67]), and randomized
turbulent diffusive velocities in two (floating oil) or three (sub-
surface oil) dimensions. The magnitudes of the directional
components of randomized diffusion are scaled by horizontal
and vertical diffusion coefficients [68] using a random walk
technique [69]. The vertical diffusion coefficient (Dv, m2/s) in
the wave-mixed layer is computed as a function of wind speed
(at 10 m above the sea surface, W10), based on Thorpe [70]:

D 5 0.0015Wv 10 (1)

The horizontal and deeper water vertical diffusion
coefficients are model inputs

Oil droplets also undergo vertical movements according to
buoyancy using a modified Stoke’s law. The rise velocity for
each droplet size i, wi (m/s), is

2w 5 d g(1 2 r /r )/18yi i o w w (2)

where di is the droplet diameter (m), g is the gravitational
acceleration (m/s2), ro is the density of the oil (kg/m3), rw is
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Table 3. Physical–chemical properties for 2- to 4-ring polynuclear aromatic hydrocarbons. Molecular weight (MW), boiling point (BP), solubility,
and vapor pressure are from Mackay et al. [64–66]. Estimates of log(KOW) are based on Mackay et al. [63,64] and Neff and Burns [126]. (A

dash indicates no data available)

Compound(s) Rings Cs
MW

(g/mol)
Distillation

cut no.
BP
(8C)

Solubility
(ppm)

Vapor
pressure

(atm) Log(KOW)

Tetralin
Diphenylmethane
Biphenyl
Naphthalene
C1-naphthalenes

2
2
2
2
2

10
13
12
10
11

132
168
154
128
142

2
2
2
2
2

208
264
261
218
243

15
16
5.53

31
26.5

0.00052
8.73 3 10207

1.28 3 10205

0.00010
8.80 3 10205

3.8
4.1
3.9
3.4
3.9

C2-naphthalenes
C3-naphthalenes
C4-naphthalenes
Acenaphthylene
Acenaphthene

2
2
2
3
3

12
13
14
12
12

156
170
185
152
154

2
3
3
3
3

254
267
—

270
278

6.4
—
—

16.1
3.8

1.98 3 10205

—
—

8.88 3 10206

2.96 3 10206

4.4
5.0
5.6
4.1
3.9

Dibenzofuran
Fluorene
C1-fluorenes
C2-fluorenes
C3-fluorenes

3
3
3
3
3

12 1 O
13
14
15
16

168
166
181
196
211

3
3
3
3
3

287
295
—
—
—

4.75
1.9
1.09

—
—

2.96 3 10206

8.88 3 10207

—
—
—

4.3
4.2
5.0
5.2
5.5

Anthracene
Phenanthrene
C1-phenanthrenes/anthracenes
C2-phenanthrenes/anthracenes
C3-phenanthrenes/anthracenes

3
3
3
3
3

14
14
15
16
17

178
178
192
207
222

3
3
3
3
4

340
339
—
—
—

0.045
1.1

—
—
—

9.87 3 10209

1.97 3 10207

—
—
—

4.5
4.6
5.1
5.3
6.0

C4-phenanthrenes/anthracenes
Dibenzothiophene
C1-dibenzothiophene
C2-dibenzothiophene
C3-dibenzothiophene

3
3
3
3
3

18
12 1 S
13 1 S
14 1 S
15 1 S

237
184
199
214
228

4
3
3
3
4

390
333
—
—
—

—
—
—
—
—

—
—
—
—
—

6.5
4.5
4.9
5.5
5.7

Fluoranthene
Pyrene
C1-fluoranthenes/pyrenes
Chrysene
C1-Chrysenes

4
4
4
4
4

16
16
17
18
19

202
202
217
228
242

3
3
4
4
4

375
404
407
448

0.265
0.013

—
0.0018

—
—
—
—
—

5.2
5.2
5.7
5.9
6.4

Table 4. Mean physical–chemical properties for each aromatic pseudo-component, based on data in Tables 2 and 3; see Table 3 for acronym
definitions

Pseudo-component Rings Cs
MW

(g/mol)
Distillation

cut no.
BP
(8C)

Solubility
(ppm)

Vapor
pressure

(atm) Log(KOW)

1-Ring aromatics
2-Ring aromatics
3-Ring aromatics

1
1.7
3.1

8.4
10.9
14.4

111
142
187

1
2
3

149
222
324

242.4
17.3

3.2

0.01525
6.20 3 10204

2.65 3 10206

3.3
4.0
4.8

the density of the water (kg/m3), and yw is the kinematic vis-
cosity of water (m2/s). This relation holds for low Reynolds
numbers (Re , 20). The Reynolds number describes the degree
of turbulence in the flow over the particle and is defined as
Re 5 Lv/yw, where L is the length scale (di in this case).

Shoreline stranding

The fate of spilled oil that reaches the shoreline depends
on characteristics of the oil, the type of shoreline, and the
energy environment. The stranding algorithm is based on data
and analysis of Gundlach [71] and Reed and Gundlach [72].
In SIMAP, deposition occurs when an oil spillet intersects
shore surface and ceases when the volume-holding capacity
for the shore surface is reached. Because subsequent oil com-
ing ashore is not allowed to remain on the shore surface, it is
refloated and carried to sea by outgoing tidal currents and wind
drift. The shoreline oil is then removed exponentially with
time. Data for holding capacity and removal rate are taken
from Gundlach [71] and are a function of oil viscosity and

shore type. The algorithm and data are in French et al. [30].
Shore widths by shore type are data inputs to SIMAP.

Spreading

Spreading of floating oil is modeled in three ways. The
rapid thinning and broadening of surface slicks caused by grav-
itational forces [73] is modeled as an increase in the diameter
of each floating spillet according to the spreading algorithm
empirically derived by Mackay et al. [17–19], who modified
Fay’s approach and described the oil as thin and thick slicks
(as described in French et al. [30]). They assumed the thick
slick feeds the thin slick and that 80 to 90% of the total slick
area is represented by the thin slick. The formulation is cor-
rected for number of surface spillets [24]. Spreading is stopped
when an oil-specific terminal thickness is reached, based on
data from McAuliffe [61], as described in Table 5.

In addition, oil spreads by so-called shear spreading, the
entrainment and resurfacing of oil, whereby the oil is affected
differentially by the wind drift and subsurface currents [74,75].
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Table 5. Minimum oil thickness for gravitational spreading based on
data in McAuliffe [61]

Oil viscosity (mPa/s)
Minimum slick thickness

(mm)

,10
10–20
20–1,000
.1,000

0.01
0.05
0.1
1

This later process was observed by Reed et al. [76] and in
validation studies of SIMAP using test spills in the Caribbean
Sea [27].

Finally, the use of multiple spillets to simulate releases over
time and in more than one location (such as along a ship’s
path) effectively spreads the floating oil. Both surface and
subsurface releases are modeled. For a subsurface release, the
oil is initiated as droplets of an assigned droplet size distri-
bution, the larger of which rise and surface over an area de-
termined by the height of the water above the release point(s)
and the currents in the water column.

Evaporation

The evaporation algorithm in SIMAP is based on accepted
evaporation theory, which follows Raoult’s law that each com-
ponent evaporates at a rate proportional to the saturation vapor
pressure and mole fraction present for that component. Each
pseudocomponent evaporates according to its mean vapor
pressure, solubility, and molecular weight (Table 4). The mass
transfer coefficient is calculated using the methodology of
Mackay and Matsugu [77], as described in French et al. [30]
and analogous to that described by Jones [49]. Evaporation
from surface and shoreline oil increases with the oil surface
area, temperature, and wind speed. As lighter components
evaporate off, the remaining weathered oil becomes more vis-
cous.

Jones [49] compared the results of the pseudocomponent
model to laboratory data in Fingas [78] and the model of Stiver
and Mackay [79], who used an analytical approach to predict
the volume fraction evaporated using distillation data to es-
timate needed parameters. The pseudocomponent model
agreed with the Fingas data under nearly equivalent conditions
(20 g of oil 1.5 mm thick and no wind). The pseudocomponent
model predicts slightly lower evaporation rates than the Stiver
and Mackay model, with the two models varying systemati-
cally (parallel as a function of temperature). The difference is
accounted for by the approximation of vapor pressure from
distillation data for the Stiver and Mackay model.

Emulsification

The formation of water-in-oil emulsions, or mousse, de-
pends on sea state and the resin, asphaltene, and wax content
of the oil [78,80–82]. Oils vary in their ability to form stable
emulsions. Emulsified oil can contain as much as 80% water
in the form of micrometer-sized droplets dispersed within a
continuous phase of oil [78,83,84]. These authors argue that,
for accuracy, an empirical approach with curves fit for each
oil is needed to account for oil-specific emulsification rates
and the degree of stability of the emulsion. However, for gen-
eral applicability of SIMAP, emulsification (water-in-oil, i.e.,
mousse formation) is modeled using the scheme of Mackay
and Zagorski [85], as described in French et al. [30]. Water
content increases exponentially, with the rate related to the

square of wind speed and previous water incorporation. Vis-
cosity increases as water content increases in the oil, and the
increasing viscosity feeds back in the model to slow the en-
trainment rate. As information becomes more available, a new
water incorporation algorithm accounting for the oil’s resin,
asphaltene, and wax content, as well as the stability of the
water-in-oil emulsion, should be developed.

Entrainment

Entrainment by surface-breaking waves is modeled based
on Delvigne and Sweeney [86] who, using laboratory and
flume experimental observations, developed a relationship for
entrainment rate as a function of oil droplet size, which in turn
is related to turbulent energy level (as breaking wave energy
times fraction of the sea surface covered by breaking waves)
and oil viscosity. The data and relationships in Delvigne and
Sweeney [86] and Delvigne and Hulsen [87] are used to calculate
mass and particle size distribution of droplets entrained:

0.57 0.7Q 5 C*D SFd Ddd d (3)

where Qd is the entrainment rate (kg/m2-s) for droplet diameter
d (m), C* is an empirical entrainment constant that depends
on oil type and weathering state, Dd is the dissipated breaking
wave energy per unit surface area (J/m2), S is the fraction of
sea surface covered by oil, F is the fraction of sea surface hit
by breaking waves, and Dd is the oil particle interval diameter
(m). Using the data reported in Delvigne and Hulsen [87], the
entrainment constant, C*, was fit to the following:

If (m/r) , 132 cSt, C* 5 exp[20.1023 ln(m/r ) 1 7.572]o

(4)

If (m/r) $ 132 cSt, C* 5 exp[21.8927 ln(m/r ) 1 16.313]o

(5)

where m is the viscosity (mPa/s) and ro is the density (g/cm3)
of the oil. The mean droplet diameter of entrained oil, d50 (mm),
was fit with a curve to data in Delvigne and Sweeney [86] to
yield:

20.5 0.34d 5 1,818E (m/r )50 o (6)

where E is the wave energy dissipation rate per unit volume
(J/m3-s) with E set at 103 (J/m3-s) for breaking waves.

Delvigne and Sweeney [86] found that there is a linear
relationship between log(Ni) and log(di), where Ni is the num-
ber of particles in the size interval 0.5di to di, and di is particle
diameter. Thus, the relative distribution of numbers, and vol-
ume (or mass) for spherical droplets, can be calculated as a
function of droplet size. It follows (Delvigne and Sweeney
[86], Eqn. 4) that

i21

V 5 1.45V (7)O j i
j51

where Vi is the volume in size class 0.5di to di, and Vj is the
volume in each of the size classes smaller than 0.5di to di, and
the sum is from j 5 1 to (i 2 1). This equation indicates a
rapid decrease in volume as droplet size decreases. The min-
imum and maximum droplet diameters entrained in the water
column are assumed to be 0.1d50 and d50, respectively. The
minimum is set at 10% d50 because volumes below this size
are relatively small (about 2% of the volume in the mean size
class), and can be neglected. The maximum value is set to
equal the mean because, in numerical experiments and model
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testing, droplets larger than d50 were found to resurface in less
than one time step and so are not quantified as separate from
surface slicks. In the model, six size classes are used, evenly
distributed by diameter from the minimum to the maximum
size. The dissipated wave energy, Dd (J/m2), is

2D 5 0.0034r gHd w (8)

where rw is the density of water (kg/m3), g is the acceleration
due gravity (m/s2), and H is the root mean square value of
breaking wave height (m). The fraction of the sea surface hit
by breaking waves per unit time, F, is parameterized for Uw

# Uth [11] as

26 3.5F 5 3 3 10 (U /T )w w (9)

and, for Uw . Uth [86] as

F 5 0.032([U 2 U ]/T )w th w (10)

where Uw is the wind speed at 10 m above the sea surface (m/
s), Uth is the threshold wind speed for onset of breaking waves
(;6 m/s), and Tw is the significant wave period (s). The total
mass entrained into the water column in a time step Dt (sec),
ME (kg), is

M 5 ADt (Q Dd) (11)OE d

where A is the area of surface slick (m2). The intrusion depth,
Zm (m), is

Z 5 (1.5 6 0.3)Hm b (12)

where Hb is the breaking wave height (m). Wave height is
calculated from wind speed, duration, and fetch (distance up-
wind to land), using the algorithms from the Coastal Engi-
neering Research Center [88]. The mixing depth (except where
constrained by the seafloor) for each droplet size class,
Zi (m), is

Z 5 max(D /w , Z )i v i m (13)

where Dv is the vertical dispersion coefficient (Eqn. 1) and wi

is the rise velocity for the droplet size (Eqn. 2).
Entrainment rate is slower and droplet size is larger for

higher viscosity oils and as oil viscosity increases by emul-
sification and evaporation loss of lighter volatile components.
The droplet size determines how fast and whether the oil re-
surfaces. Droplets greater than 70 mm in diameter are assumed
to float if they reach the water surface by vertical diffusion;
smaller droplets reaching the surface are mixed downward if
their rise velocity is overcome by the vertical diffusion velocity
and resurface otherwise. The 70 mm threshold is based on
observations by Lunel [89] of droplet sizes that seem to be
dispersed permanently. Resurfaced oil typically forms sheens.
As surface oil is blown downwind faster than the underlying
water, resurfacing droplets come up behind the leading edge
of the oil, effectively spreading the slicks in the downwind
direction.

Waves break beginning at about 12 knots (;6 m/s) of wind
speed and wave breaking increases as wind speed becomes
higher. Thus, entrainment becomes increasingly important
(higher rate of mass transfer to the water) the higher the wind
speed. Below 12 knots of wind speed, the percentage of mass
entrained is not significant. As wind and turbulence increase,
the oil droplet sizes become smaller, although there is a feed-
back slowing of the entrainment process as oil weathers and/
or emulsifies, becoming more viscous. Application of chemical
dispersant decreases surface tension of the oil, and so increases

the entrainment rate (at a give level of turbulence) and de-
creases droplet size. The droplet size distribution of chemically
dispersed oil is based on observed sizes in Lunel [89]. Typi-
cally, dispersants are effective on oils up to a viscosity of
about 10,000 mPa/s [13,14,83], a threshold above which en-
trainment is negated in the model.

Surf entrainment

Wave height in the surf zone may be input to the model to
induce entrainment. The above algorithm based on Delvigne
and Sweeney [86] is used to determine the droplet size dis-
tribution of surf-entrained oil, which is assumed well-mixed
in the surf zone. Settling of particles does not occur in water
depths where waves reach the bottom (taken as 1.5 multiplied
by wave height).

Dissolution

The algorithm developed by Mackay and Leinonen [16] is
used in SIMAP for dissolution from a surface slick. The slick
(spillet) is treated as a flat plate, with a mass flux [90] related
to solubility and temperature. It assumes a well-mixed layer
with most of the resistance to mass transfer lying in a hypo-
thetical stagnant region close to the oil. For subsurface oil,
dissolution is treated as a mass flux across the surface area of
a droplet (treated as a sphere) as in Mackay and Leinonen [16].
Dissolution rate increases the higher the surface area of the
oil relative to its volume. Because the surface area–to–volume
ratio is higher for smaller spherical droplets, dissolution is
higher for smaller droplets. The droplet size distribution and
amount of oil entrained, both functions of turbulence, are the
critical determinants of dissolved concentrations. As discussed
above, dissolution from entrained small droplets is much faster
than from surface slicks in the shape of flat plates (which is
insignificant). The soluble components also are volatile, and
evaporation from surface slicks is faster than dissolution into
the underlying water. Thus, the processes of evaporation and
dissolution are competitive, with evaporation the dominant
process for surface oil.

Volatilization

Volatilization of dissolved components from the water to
the atmosphere occurs as they are mixed and diffuse to the
sea surface boundary and enter the gas phase. Volatilization
rate increases with increasing temperature. The procedure out-
lined by Lyman et al. [91], based on Henry’s law and mass
transfer [90], is followed in the model [30]. The volatilization
depth for dissolved substances is limited to the maximum of
one half the wave height.

Dissolved-suspended particulate partitioning, adherence,
and sedimentation

Adsorption of dissolved components to particulate matter
in the water occurs because the soluble components are only
sparingly so. These compounds preferentially adsorb to par-
ticulates when the latter are present. The ratio of adsorbed to
dissolved concentrations is computed from standard equilib-
rium partitioning theory [92]. Adsorption increases with
log(Kow) and the concentration of suspended particulates, with
the particulate phase accounting for a significant percentage
of the mass above 100 mg/L suspended sediments.

The model formulation developed by Kirstein et al. [21] is
used to calculate the volume of oil droplets adhered to par-
ticles. The Stoke’s law formulation (Eqn. 2) is used to adjust
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vertical position of oil–sediment particles, using the density
of the combined particle. If turbulence subsides sufficiently,
the oil–sediment agglomerates will settle.

Sedimentation occurs when oil–sediment agglomerates and
particles with adsorbed semisoluble components (MAHs and
PAHs) settle to the bottom sediments. Adherence and sedi-
mentation can be an important pathway of oil in nearshore
areas when waves are strong and subsequently subside. Gen-
erally, oil–sediment agglomerates transfer more PAH to the
bottom than sediments with PAHs that were adsorbed from
the dissolved phase in the water column. Resuspension of
settled oil–sediment particles may occur if current speeds ex-
ceed threshold values where adhesive forces can be overcome,
assumed 20 cm/s in the model.

Bioturbation

Bioturbation, the process where animals in the sediments
mix the surface sediment layer while burrowing, feeding, or
passing water over their gills, effectively mixes the surface
sediment layer about 10 cm thick (in nonpolluted environ-
ments). In the model, sediment concentration is calculated as
mass loading per area divided by 10 cm. Contaminant con-
centrations in sediment are distributed between adsorbed and
dissolved states by equilibrium partitioning, as in the water
column. For this calculation, the particulate-to-interstitial wa-
ter ratio is taken to be 0.45 [88].

Degradation

Degradation includes biodegradation, photooxidation, and
other chemical reactions. A first-order decay algorithm is used,
with a specified (total) degradation rate for each of surface
oil, water column oil, and sedimented oil. Degradation rates
for the aromatics are from Mackay et al. [63–66] and for whole
oil are from French et al. [30].

Fates model output

The physical fates model creates output files recording the
distribution of a spilled substance in three-dimensional space
and time as area covered by oil and thickness on the water
surface (swept area); volumes in the water column at various
concentrations of dissolved aromatics; volumes in the water
column at various concentrations of total hydrocarbons in sus-
pended droplets; total hydrocarbon concentrations and dis-
solved aromatic concentrations in surface sediment; and
lengths and locations of shoreline impacted and volume of oil
ashore in each segment. The dissolved aromatic hydrocarbon
concentration in the water column is calculated from the mass
in spillets representing dissolved components, as follows. Con-
centration is contoured on a three-dimensional Lagrangian grid
system (of 200 3 200 cells in the horizontal and five vertical
layers), which is scaled each time step to just cover the volume
occupied by dissolved aromatic particles, including the dis-
persion around each spillet center. This maximizes the reso-
lution of the concentrations at each time step and reduces error
caused by averaging mass over large cell volumes. Distribution
of mass around the spillet center is described as Gaussian in
three dimensions, with one standard deviation equal to twice
the diffusive distance (2Dxt in the horizontal, 2Dzt in the ver-
tical, where Dx is the horizontal and Dz is the vertical diffusion
coefficient, and t is particle age). The plume grid edges are
set at one standard deviation out from the outermost particle.
These data are used by the biological effects model to evaluate
exposure, toxicity, and impacts.

BIOLOGICAL EFFECTS MODEL

The biological exposure model estimates the area, volume,
or portion of a stock or population affected by surface oil,
concentrations of oil components in the water, or sediment
contamination. The biological effects model estimates losses
resulting from acute exposure after a spill (i.e., losses at the
time of the spill and while acutely toxic concentrations remain
in the environment) in terms of direct mortality and lost pro-
duction because of direct exposure or the loss of food resources
from the food web. Losses are estimated by species or species
group for fish, invertebrates (i.e., shellfish and nonfished spe-
cies), and wildlife (birds, mammals, sea turtles). Lost produc-
tion of aquatic plants (microalgae and macrophytes) and lower
trophic levels of animals also are estimated.

The area potentially affected by the spill is represented by
a rectangular grid with each grid cell coded as to habitat type.
The habitat grid also is used by the physical fates model to
define the shoreline location and type, as well as habitat and
sediment type. A habitat is an area of essentially uniform
physical and biological characteristics that is occupied by a
group of organisms that are distributed throughout that area.
A contiguous grouping of habitat grid cells with the same
habitat code represents an ecosystem in the biological model.
Prespill abundance of fish, invertebrates, and wildlife, and rates
of lower trophic level productivity, are assumed constant for
the duration of the spill simulation and evenly distributed
across an ecosystem. Though biological distributions are
known to be highly variable in time and space, data generally
are not sufficient to characterize this patchiness. Oil also is
patchy in distribution. The patchiness is assumed to be on the
same scale so that the intersection of the oil and biota is equiv-
alent to overlays of spatial mean distributions.

Mobile fish, invertebrates, and wildlife are assumed to
move at random within each ecosystem during the simulation
period. This is a reasonable assumption for the period of the
simulation (generally a few weeks). Benthic organisms also
may remain stationary on or in the bottom. Planktonic stages,
such as pelagic fish eggs, larvae, and juveniles (i.e., young-
of-the-year during their pelagic stage[s]), move with the cur-
rents.

Habitats include open water, reef (coral or mollusk), wet-
land, sea grass, kelp bed, and shoreline environments. Habitat
types are defined by depth, proximity to shoreline(s), bottom/
shore type, dominant vegetation type, and the presence of in-
vertebrate reefs. With respect to proximity to shoreline(s), hab-
itats are designated as landward or seaward. Landward portions
are the nearshore rivers, estuaries, and inlets. The seaward
portion is the more oceanic or main part of the water body.
This designation allows different biological abundances to be
simulated in landward and seaward zones of the same habitat
type (e.g., open water with sand bottom).

Wildlife

In the model, surface slicks (or other floating forms such
as tar balls) of oils and petroleum products impact wildlife
(birds, marine mammals, sea turtles, and other reptiles). For
each of a series of surface spillets, the physical fates model
calculates the location and size (radius of circular spreading
spillet) as a function of time. The area swept by a surface
spillet in a given time step is calculated as the quadrilateral
area defined by the path swept by the spillet diameter. This
area is summed over all time steps for the time period the
spillet is present on the water surface and separately for each
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Table 6. Combined probability of encounter with the slick and mortality once oiled, if present in the area swept by a slick exceeding a threshold
thickness. Area swept is calculated for the habitats occupied

Wildlife group Probability (%) Habitats occupied

Dabbling waterfowl
Nearshore aerial divers
Surface seabirds
Aerial seabirds
Wetland wildlife (waders and shorebirds)

99
35
99

5
35

Intertidal and landward subtidal
Intertidal and landward subtidal
All intertidal and subtidal
All intertidal and subtidal
Wetlands, shorelines, seagrass beds

Cetaceans
Furbearing marine mammals
Pinnipeds, manatee, sea turtles
Surface birds in seaward only
Surface diving birds in seaward only

0.1
75

1
99
35

Seaward subtidal
All intertidal and subtidal
All intertidal and subtidal
All seaward intertidal and subtidal
All seaward intertidal and subtidal

Aerial divers in seaward only
Surface birds in landward only
Surface diving birds in landward only
Aerial divers in landward only
Surface diving birds in water only
Aerial divers in water only

5
99
35

5
35

5

All seaward intertidal and subtidal
All landward intertidal and subtidal
All landward intertidal and subtidal
All landward intertidal and subtidal
All subtidal
All subtidal

habitat type where the oil passes. Spillets sweeping the same
area of water surface at the same time are superimposed. The
total area swept over a threshold thickness by habitat type is
multiplied by the probability that a species uses that habitat
(0 or 1, depending upon its behavior) and a combined prob-
ability of oiling and mortality. This calculation is made for
each surface-floating spillet and each habitat for the duration
of the model simulation.

The portion of the wildlife in the area swept by the slick
over a threshold thickness that are assumed to die is based on
probability of encounter with the slick multiplied by the prob-
ability of mortality once oiled. The probability of encounter
with the slick is related to the percentage of the time an animal
spends on the water or shoreline surface. The probability of
mortality once oiled is nearly 100% for birds and fur-covered
mammals (assuming they are not treated successfully) and
much lower for other wildlife. The products of the two prob-
abilities for various wildlife behavior groups are in Table 6.
Estimates for the probabilities were derived from information
on behavior and field observations of mortality after spills [30].
The wildlife mortality model has been validated with more
than 20 case histories, including the Exxon Valdez and other
large spills, verifying that these values are reasonable [46,93].
(However, see discussion below in the Validation section.)

Area swept is calculated for the habitats occupied by each
of the behavior groups of wildlife listed in Table 6. Species
or species groups are assigned to behavior groups to evaluate
their loss. The threshold is 10 microns (;10 g/m2) thick oil,
based on data on minimum dose to impact a bird and calcu-
lations described in French et al. [30]. Wildlife mortality is
directly proportional to abundance per unit area and the percent
mortalities in Table 6.

Fish, invertebrates, and aquatic plants

In the model, aquatic biota (fish, invertebrates, and plants
in the water column and on/in the sediments) are affected by
dissolved aromatic concentrations in the water or sediment.
This rationale is supported by the fact that soluble aromatics
are the most toxic constituents of oil [50–61,94]. Exposures
in the water column are short in duration [51], therefore, effects
there are the result of acute toxicity. In the sediments, exposure
may be both acute and chronic, as the concentrations may
remain elevated for longer periods of time. In either acute or

chronic exposures, it is the aromatics, and specifically the
PAHs, that cause effects either directly or indirectly via bio-
accumulation and uptake via the food web [50].

The model evaluates mortality and sublethal effects of dis-
solved aromatic concentrations in the water or sediment. Mor-
tality is a function of duration of exposure: The longer the
duration of exposure, the lower the threshold for effects
[30,60–62,95–101]. After a certain period of time, all indi-
viduals that will die at a given concentration have done so and
no further mortality is observed. The lethal threshold concen-
tration, also termed the incipient lethal level, is the concen-
tration where mortality occurs after this sufficiently long ex-
posure [95,102]. The incipient lethal concentration to 50% of
exposed organisms, LC50`, is the asymptotic LC50 reached
after infinite exposure time (or long enough that that level is
approached). The standard mortality model is utilized, with a
lognormal relationship between percent mortality and concen-
tration, and the LC50 the center of the distribution.

In SIMAP, LC50` is input to the model for the mixture of
dissolved MAHs and PAHs originating from the type of oil
spilled (see below). For each of a series of aquatic biota be-
havior groups, the model evaluates exposure duration, and
corrects the LC50 for time of exposure and temperature to
calculate mortality. Movements of biota, either active or by
current transport, are accounted for in determining time and
concentration of exposure. Lagrangian elements are used to
represent schools or groups of animals. The elements move or
remain stationary according to the behavior type, and con-
centration and duration of exposure are recorded. Exposures
are integrated over space and time by habitat type to calculate
a total percentage killed.

Behavior groups are used to represent species or stages
within species covering the possible movement patterns (or
lack thereof) for aquatic organisms, i.e., planktonic (moving
with currents), demersal and stationary (on the bottom exposed
to near bottom water), benthic (in the sediments and station-
ary), demersal fish and invertebrates (on the bottom exposed
to near bottom water and moving slowly), small pelagic fish
and invertebrates (moving randomly and slowly in the water
column), and large pelagic fish and invertebrates (moving ran-
domly and rapidly in the water column). Pelagic fish move at
about 0.5 body length per second [103], which amounts to 9
km/d for a 20-cm small pelagic fish and 45 km/d for a 100-
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cm large pelagic fish (sizes from French et al. [30]). For de-
mersal species, movements are much slower, assumed to be
0.5 km/d. Demersal organisms always remain in the bottom
layer within 1 m of the bottom, whereas pelagic fish move
vertically within the water column. Lagrangian elements are
used to distinguish organisms by behavior group and in six
habitat types: Seaward (offshore) open water, landward (es-
tuarine) open water, seaward (offshore) wetland and seagrass,
landward (estuarine) wetland and seagrass, seaward (offshore)
reef, and landward (estuarine) reef. These six habitat categories
account for the fact that fish and other aquatic biota tend to
prefer one or more of these types [30,104].

Mortality is calculated as percent loss by habitat and be-
havior group. This is translated into the equivalent area of
100% loss. That area may be divided by the total area of habitat
available in the region of interest to estimate a percentage of
a population affected. The percent mortality of the exposure
group may be multiplied by abundance at the time exposed
and in the habitat type to calculate the species’ mortality as
numbers or biomass (kg).

The mortality of each species is evaluated as a population
loss using species-specific natural and fishing mortality rates
and standard fisheries models. Production foregone is calcu-
lated as the lost growth the killed individuals would have
undergone over their remaining life span. The population and
production foregone models are described in French-McCay
[46].

Lost production of plants and animals at the base of the
food chain also is integrated in space and over time using the
effective concentration to reduce growth to 50% of normal, to
parameterize a lognormal function. For each time step and for
each of the concentration grid cells output by the physical
fates model, lost primary, zooplankton, and benthic production
(PL) are calculated as follows:

P 5 (1 2 F )V/Z 3 tL k d (14)

where Fk is the fraction of the uninhibited rate of production
that is realized at the contaminant concentration, V is volume
contaminated (m3), Zd is water depth, and t is the days con-
taminated. Total production loss is summed over time by hab-
itat type and the integrated losses are summarized as m2 2
days of equivalent 100% loss of production. These may be
multiplied by production rates (g dry wt m22 d21) to estimate
production losses. Lost production of dependent larger animals
in the food web, due to reduction of food supply, is estimated
using a simple food chain model [30]. Production losses of
lower trophic levels typically are very small because of their
short generation times and quick recovery after a spill. They
have not been measured in the field because the impact is less
than natural variability.

Oil toxicity

The following summarizes the oil toxicity model used to
determine appropriate values of LC50` to input to the SIMAP
exposure model. The full development of the oil toxicity model
and data upon which it is based are in French-McCay [62].
The oil toxicity model utilizes the accepted toxic units ap-
proach for organic compounds whose primary acute effect is
narcosis, which also is being used by the U.S. Environmental
Protection Agency in the development of PAH water and sed-
iment quality criteria [105,106]. The oil toxicity model has
been validated using laboratory oil bioassay data [62].

It has been shown that toxicity of narcotic organic com-

pounds, such as the lower-molecular-weight aromatics in oil
(MAHs and PAHs), is related to Kow [30,62,99,101,107–113].
Chemicals that have a narcotic mode of action impact organ-
isms by accumulating in lipids (such as in the cell membranes)
and disrupting cellular and tissue function, such that the more
hydrophobic the compound the more accumulation and the
more severe the impact. However, the more hydrophobic the
compound, the less soluble it is in water, and so the less avail-
able it is to aquatic organisms. Compounds of log(Kow) . 5.6
are considered insoluble, and so are not bioavailable and thus
not acutely toxic to aquatic biota [62]. Thus, impact is the
result of a balance between bioavailability (dissolved-com-
ponent exposure) and toxicity once exposed.

The acute toxic effects of narcotic chemicals are additive
[30,62,105,106,113]. The Toxic Unit (TU) Model is used to
estimate the toxicity of a mixture of narcotic chemicals, with
TU defined as the exposure concentration divided by the LC50.
For a mixture, the toxic units are additive: When STU 5 1,
the mixture is lethal to 50% of exposed organisms.

It has been shown [62] that the LC50 of the mixture
(LC50mix) is related to the LC50 of each chemical i in the
mixture and the fractional concentration of chemical i (Fi) in
the total mixture:

F 5 C C (15)Oi w,i w,i@1 2
where Cw,i is the dissolved concentration of chemical i in the
water.

LC50 5 1 (F / LC50 ) (16)@Omix i i

The values of Fi may be measured in the field or, if field
samples are not available, Fi may be estimated from the source
oil composition. French-McCay [62] showed that for surface
waters, where turbulent entrainment of oil has occurred, the
values of Fi nearly are proportional to the source oil aromatic
composition. The LC50mix is calculated including those aro-
matics that are measured in the oil and dissolved in the water
(with log(Kow) # 5.6) for long enough times for exposure to
aquatic organisms to be significant. Typically (except for gas-
oline), only the PAHs are dissolved in sufficient quantity and
remain in the water long enough for their TU values to be
significant.

The values of LC50i for MAHs and PAHs were estimated
using a regression model relating LC50 to Kow [62], with the
95% confidence range of this regression providing LC50s for
average (50th percentile), sensitive (2.5th percentile), and in-
sensitive (97.5th percentile) species:

log (LC50 ) 5 log (f) 1 g log (K )10 ` 10 10 ow (17)

Based on 278 bioassays on individual aromatics, the intercept
and slope of the regression are: log10(f) 5 4.8926 and g 5
21.0878. This regression describes the mean response for all
species (i.e., the response of the average species). The slope
of this relationship is constant for all species [106]. The in-
tercept varies by species, with 95% of species falling within
the range log10(f) 5 3.9704 (sensitive species) and log10(f)
5 5.8147 (insensitive species) [62].

The exponential decrease of LC50 with increasing duration
of exposure is due to the accumulation of toxicant over time
up to a critical body residue (tissue concentration) that causes
mortality. The accumulation is more rapid at higher temper-
ature, such that LC50 at a given (short) exposure time de-
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creases with increasing temperature. The following algorithm
was developed in French-McCay [62]:

2«tLC50 5 LC50 (1 2 e ) (18)` t

log («) 5 « 2 « log (K ) (19)10 1 2 10 ow

d«/dT 5 tT (20)

where t is time of exposure, LC50t is LC50 at time t, LC50`

is LC50 at infinite time of exposure, Kow is the octanol–water
partition coefficient, «1 5 1.47 and «2 5 0.414, T 5 temperature
(C), and t 5 0.11.

The SIMAP exposure model uses a rearrangement of Equa-
tion 18 to correct the LC50 for time of exposure and temper-
ature, as recorded by movements of Lagrangian elements rel-
ative to toxic concentrations (i.e., greater than the concentra-
tion lethal to 1% of exposed organisms, LC1, approximated
as 1% of LC50`). Exposure time is the total time concentration
exceeds LC1 and the concentration is the average over that
time. The percent mortality is then calculated using the log-
normal function centered on LC50t.

The dissolved concentrations are estimated by the physical
fates model for both the water column and sediments. Dis-
solved concentrations in the water column result mainly from
dissolution of entrained oil droplets, as the soluble compounds
evaporate faster from floating oil. In the sediments, exposure
and mortality of benthic organisms are a function of the dis-
solved concentrations in pore water. This methodology has
been validated by Swartz et al. [113] and used in sediment
quality criteria for PAHs [106].

Impacts to habitats

Habitat impacts result from smothering by greater than a
threshold thickness of oil on intertidal habitat or sediment areas
or lethal concentrations of dissolved aromatics in the water
column (e.g., for coral reef species forming the structural basis
of the reef). The model performs these evaluations for each
cell in the habitat grid. The threshold for smothering by whole
oil is 14 mm, based on literature reviewed in French et al.
[30]. The lethal dissolved concentration in the water column
is the LC50 input to the model.

Long-term impacts from habitat loss are integrated in the bi-
ological effects model over the period of recovery. The recovery
curve is simulated as a sigmoid function described by

dPR 5 a P (1 2 P ) (21)r R Rdt

where PR is portion recovered and ar is a constant. The value
of the constant ar is derived from solution of the equation
assuming PR at t 5 0 is 0.01 and PR at t 5 trec (the recovery
time) is 0.99, whereupon Equation 21 may be solved as PR 5
1/(1 1 99 exp[2art]) with ar 5 9.19/trec. Recovery times by
habitat are input to the model. Typical recovery periods are
three years for benthic and intertidal habitats, 10 years for
seagrass beds, 15 years for salt marshes, and 30 years for
mangroves [30]. Impacts to dependant species and life stages
are assumed proportional to lost habitat function (PR), and
production foregone is integrated over time to estimate a total
impact.

VALIDATION

Summary of previous validation studies

The physical fates model has been validated with more than
30 case histories, including the Exxon Valdez and other large

spills [46,93], as well as test spills designed to verify the model
[27]. The validation studies show that the model is capable of
hind-casting the oil trajectory and shoreline oiling, given ac-
curate observed wind data following the spill and a reasonable
depiction of surface currents, both tidal and background. As
winds and currents are the primary forcing variables on oil
fate, obtaining accurate data on these is very important to the
accuracy of any simulation.

The biological effect model has been validated using sim-
ulations for 28 spill events where data are available for com-
parison [46,93]. In most cases [93] only the wildlife impacts
could be verified because of limitations of the available ob-
servational data. However, in the North Cape spill simulations,
both wildlife and water column impacts (lobsters) could be
verified [46].

In most cases, impact information for the spill primarily
consists of counts of rescued or dead wildlife. The model
results either agree well with field estimates, or underestimate
the observed kill. The cases where wildlife kills are under-
estimated are where an unusually high abundance of certain
species occurred in the spill path, or where data on abundance
of animals were not available. Many of these cases were in
fact considered significant spills because of the presence of
unusually high aggregations of certain wildlife species [93].
Modeling results show that the impact algorithms in the model
are valid when input data on abundance are accurate. The
uncertainty in the model results is proportional to uncertainty
in abundance.

For the North Cape oil spill of January 1996 in Rhode
Island, field observations were available for both surface and
subsurface oil fates and impacts. The model’s prediction of
the oil’s fate agreed with observations of surface oil move-
ments and measurements of total hydrocarbons and aromatics
in the water. The model estimate of birds oiled was 2,200 to
4,400, depending on the prespill abundance data assumed. (Un-
certainty in the model results is proportional to that for the
abundance estimates.) The midpoint of this range is 8.5 times
the number of birds collected on beaches, in agreement with
estimates for other spills. (The negotiated settlement used a
factor of 6 for this spill.) Impacts on water column organisms
were validated by comparison of the model estimate to the
field observations of the lobster kill (8.3 million and 9 million,
respectively) [46]. The model estimates of impacts to other
marine species were used in the government’s natural resource
damage claim to the responsible party. This claim was settled
based on these estimates of injury.

Exxon Valdez

The current version of the model, SIMAP, was used to
simulate in more detail (than previously [93]) oil fates and
biological effects from acute exposure to the Exxon Valdez
oil spill (EVOS), as more information is available for this spill
than any other in U.S. waters. Descriptions of the oil obser-
vations and ultimate fate are available from several sources
[114–118]. The analysis and simulation was for oil fate pro-
cesses and impacts occurring in Prince William Sound ([PWS]
AK, USA) over the first 60 d after the release of 250,000 bbl
(34.8 3 106 kg) of Alaskan North Slope crude oil on March
24, 1989, from 00:00 to 10:00 h (at Bligh Reef, 60.88N,
146.888W, Fig. 2).

Water temperature was 28C and suspended sediment con-
centration was assumed 1 mg/L, a typical value for PWS [30].
Depth data for PWS were obtained from Hydrographic Survey
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Fig. 2. Simulated currents in Prince William Sound (AK, USA) as a
seasonal mean for spring. The spill site is indicated by the circled
cross at Bligh Reef (AK, USA).

Fig. 3. Cumulative map of areas where surface-floating oil passed by
March 27, 1989, at noon. The curved line on the map indicates the
southwestward extent of observed oiling by this date.

Fig. 4. Cumulative map of areas where surface-floating oil passed by
March 30, 1989, at noon. The curved line on the map indicates the
southwestward extent of observed oiling by this date.

Data supplied on CD-ROM by the U.S. Department of Com-
merce, National Oceanic and Atmospheric Administration
(NOAA), National Geophysical Data Center. Shore types,
available in digital form from the Environmental Sensitivity
Atlas Geographical Information System (provided by NOAA,
Hazardous Materials Response and Assessment Division, Seat-
tle, WA, USA), were gridded with a cell size of 196 3 389
m, and the diagonal of 276 m assumed the length of a shore
segment. Shore widths were assumed: 3 m for rocky, 10 m
for gravel, 20 m for sand, and 300 m for wetlands [30].

A seasonal mean and tidal current field was simulated pre-
viously using a hydrodynamic model applied to PWS (Fig. 2
[23,119]). The boundary of the modeling domain was at the
two entrances: Hinchinbrook Entrance and Montague Strait
(AK, USA; Fig. 2). Tidal forcing functions for the major har-
monic constituent (M2) and seasonal mean flows at the en-
trances were derived from the larger domain hydrodynamic
model application for the Gulf of Alaska by Isaji and Spaulding
[119]. This current field is similar to that used by Galt et al.
[115] in their simulation of the spill. The flow generally was
towards the southwest and out of PWS at Montague Strait
(Fig. 2).

Wind data from several nearby stations in PWS were com-
piled [93], choosing the closest station to the floating oil on
each date. On March 24 and 25, winds were light, but on
March 26 there was a large windstorm involving strong north-
easterly winds that emulsified and dispersed the oil widely in
central PWS [115]. Wind drift was varied from 3 to 5% with
angles applied from 0 to 208 to the right of downwind, with
3.5% and 08 proving to provide the best fit and timing of oil
movements. The horizontal diffusion coefficient was varied
from 10 to 100 m2/s, which is a reasonable range for open
waters and storm conditions [120]. The value 50 m2/s provided
the best fit to the observations. The vertical diffusion (ran-
domized mixing) coefficient below the wave-mixed layer was
assumed a typical 0.0001 m2/s, but model results for this spill
were insensitive to this parameter as water column contami-
nation was very low.

Oil properties and pseudocomponent content were obtained
from Environment Canada’s Emergencies Science Division oil
property database (Z. Wang, Environment Canada, Ottowa,

ON, personal communication): Density, 0.8761 g/cm3; vis-
cosity, 16 mPa/s; surface tension, 27 dyne/cm; and maximum
water content of mousse, 70%. The spilled oil was assumed
to contain 30.66 g/kg MAHs; 3,750 mg/kg 2-ring PAHs; 6,622
mg/kg 3-ring PAHs; and 18.9%, 13.3% and 20.0% in aliphatic
distillation cuts 1, 2, and 3, respectively. Thus, using these
data, 4.1% of the oil potentially was toxic to aquatic biota and
up to 56% of the oil could volatilize, dissolve, or biodegrade.

Figures 3 through 5 show cumulative maps for the simu-
lation of areas where surface-floating oil passed during the
first 60 d after the release. Figures 3 and 4 indicate the south-
westward extent of oiling observed after the spill, as well as
the model simulation. The model results are in agreement with
observations: The oil remained near and just west of the spill
site for the first 2 d (March 24 and 25). On March 26, during
the windstorm, the oil emulsified and was dispersed and trans-
ported rapidly to the southwest, reaching the north end of
Knight Island (AK, USA) by March 27. Floating oil was trans-
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Fig. 5. Cumulative map of areas where surface-floating oil passed
during the first 60 d after the release.

Table 7. Abundances of bird species groups in seaward habitats affected by the Exxon Valdez oil spill in Prince William Sound (AK, USA) [30],
assumed probability of oiling, avoidance behavior (based on Day et al. [121]), estimated number killed based on field data (based on Piatt et al.

[122], Schempf et al. [124], and Ford et al. [123]), and model estimated kill

Species group No./km2
Probability

(%)
Avoid

oil

No.
killed
(field)

No.
killed

(model) Model/field

Loons
Grebes
Sea ducks
Procellariids
Cormorants

0.138
0.337
6.005
0.021
0.631

99
35
35
35
35

No
(Some spp.)
Yes
No
Yes

835
1,132
2,389

384
1,535

389
563

9,313
22

946

0.5
0.5
3.9
0.1
0.6

Gulls
Murres
Murrelets
Guillemots

4.013
4.672
2.767
0.182

5
35
35
99

Yes
Yes
Yes
No

173
1,458
1,113

451

687
5,282
5,369

514

4.0
3.6
4.8
1.1

Puffins
Other alcids
Eagles
Total birds

0.003
0.048
2.323

21.141

99
99
35
—

No
No
Yes
—

—
77

192
9,940

9
137

34
23,264

—
1.8
0.2
2.3

ported by prevailing southwesterly currents through Montague
Strait, first exiting PWS on March 30. Oil continued to move
generally in the southwesterly direction over the first two
months, with wind-driven and localized dispersion causing
shoreline oiling over a wide area (the modeled path in agree-
ment with the summary map in Gundlach et al. [118]).

Table 7 summarizes the abundances of birds by species
group occurring in seaward habitats affected in PWS [30]. The
assumed probability of oiling was based on Table 6, the species
feeding and sleeping behavior, and observations of avoidance
of oil made by Day et al. [121]. Field estimates of the number
of birds oiled in PWS (Table 7) were obtained using data in
Piatt et al. [122] on the carcasses collected in PWS, divided
by the probability of a killed bird being found in PWS, 35%
(accounting for loss at sea, scavenging, search effort, and suc-
cess), from Ford et al. [123]. Schempf et al. [124] estimated
192 bald eagles oiled in PWS, a factor 6 times the number of
carcasses collected.

Model-estimated bird kills were in good agreement for spe-
cies groups that were not observed to avoid oil. For those
where avoidance was observed, model estimates were a factor
4 to 5 higher than the field estimates. Likely the probability

of oiling is lower than the assumed 35% for these species, and
7 to 9% probability would fit the observations. However, the
uncertainty of the abundance data is on the order of a factor
of 2 or more as well. Thus, it could be error in abundance
estimates and/or probability of oiling that accounts for the
differences.

The model estimates were 3,555 otters and 26 seals oiled
with PWS. The government estimates for all areas were 3,500
to 5,500 sea otters and 200 seals [125]. Most of the otters
were impacted in PWS, but seals were impacted in other areas
as well as inside PWS. Thus, the model estimates of impacts
for these marine mammals are reasonable.

CONCLUSION

Success of a model simulation is dependent on both the
algorithms and the accuracy of the input data. The validation
exercises verified that the model algorithms provide reasonable
results. The most important input data in determining accuracy
of the physical fates model results are winds, currents, and
assumed randomized diffusion rates. These data can be ac-
curately estimated with appropriate measurements and hydro-
dynamic modeling.

With respect to the biological effects model, the results are
sensitive to the assumed toxicity (LC50s), probability of oiling
(including avoidance behavior), and biological abundances of
the affected species. The range of toxicity values is well un-
derstood, based on the analysis in French-McCay [62]. How-
ever, few species have been measured in bioassays such that
their degree of sensitivity to oil hydrocarbons is known. Per-
formance of bioassays on individual aromatics, which logis-
tically are easier to perform than with whole oil, would provide
the necessary data to determine species sensitivity.

Estimation of biological abundance always will be uncer-
tain due to the natural patchiness and variability of species
distributions. In many analyses, such as in ecological risk as-
sessments, evaluation of percent losses for populations of in-
terest may be the appropriate measure of impact. This would
avoid the difficulty of quantifying abundance at the time and
location of the spill.

The probabilities of oiling, given oil passing through an
area where wildlife are present, are based on limited data avail-
able in the literature. More detailed and quantitative infor-
mation on bird and other wildlife behavior in the presence of
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oil would improve greatly the knowledge base and ability to
estimate impacts from spills. As the largest impacts of oil spills
typically are to birds and fur-bearing marine mammals, these
data needs are all the more pertinent.

The biological effects model in SIMAP evaluates exposure,
considering movements and amounts of both oil and biota;
impacts of response activities, such as booming and dispersant
use; acute effects (lethal and sublethal) in the short-term; in-
direct effects of acute exposure via reduction in food supply
or habitat; and nondensity-dependent population level impacts
caused by mortality and sublethal effects. What have yet to
be addressed in a quantitative manner are sublethal effects of
chronic contamination; indirect effects via changes in ecosys-
tem structure; and behavioral changes resulting in reduced
growth, survival, or reproductive success. The latter are de-
pendent on understanding of population and/or ecosystem
structure and dynamics, areas of active study that are difficult
to quantify but a challenge for future research.
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